ABSTRACT Trichloroethylene (TCE) and perchloroethylene or tetrachloroethylene (PCE) are high-production volume chemicals with numerous industrial applications. As a consequence of their widespread use, these chemicals are ubiquitous environmental contaminants to which the general population is commonly exposed. It is widely assumed that TCE and PCE are toxicologically similar; both are simple olefins with three (TCE) or four (PCE) chlorines. Nonetheless, despite decades of research on the adverse health effects of TCE or PCE, few studies have directly compared these two toxicants. Although the metabolic pathways are qualitatively similar, quantitative differences in the flux and yield of metabolites exist. Recent human health assessments have uncovered some overlap in target organs that are affected by exposure to TCE or PCE, and divergent speciesand sex-specificity with regard to cancer and noncancer hazards. The objective of this minireview is to highlight key similarities, differences, and data gaps in target organ metabolism and mechanism of toxicity. The main anticipated outcome of this review is to encourage research to 1) directly compare the responses to TCE and PCE using more sensitive biochemical techniques and robust statistical comparisons; 2) more closely examine interindividual variability in the relationship between toxicokinetics and toxicodynamics for TCE and PCE; 3) elucidate the effect of coexposure to these two toxicants; and 4) explore new mechanisms for target organ toxicity associated with TCE and/or PCE exposure.
Trichloroethylene (TCE) and tetrachloroethylene (perchloroethylene; PCE) are halogenated olefin solvents that are high-volume production chemicals with a broad range of industrial uses. The main uses of both TCE and PCE are in metal degreasing and as a feed stock in the production of chlorinated chemicals (Guha et al., 2012) . Since the 1950s, the use of TCE as a dry cleaning solvent has ceased, while PCE is still widely used for that application (IARC, 2014) . Human exposure to TCE and PCE is assumed to be mostly through inhalation, owing to their low solubility in water and high vapor pressures. As volatile chemicals with very little water solubility, TCE and PCE are common contaminants in ambient and urban air, although they are also commonly found in ground and drinking water (IARC, 2014) . At National Priority List sites in the United States, TCE is the most commonly found groundwater contaminant, and cocontamination with TCE and PCE is common (Fay and Mumtaz, 1996) . In a relatively recent evaluation of contaminants found at hazardous waste sites in the United States, TCE and PCE were the most commonly found cocontaminants (11.6% of sites evaluated) out of all chemical combinations assessed (Pohl et al., 2008) . Although dermal exposure through direct contact with contaminated water is possible (e.g., during showering), this is not thought to be a major route of exposure (US EPA, 2011b; US EPA, 2011a) . Data from the National Health and Nutrition Examination Survey (NHANES) from [1999] [2000] show that mean concentrations (in mg/m 3 ) of TCE and PCE in exhaled air from human subjects were similar (3.48 and 3.16, respectively) (Jia et al., 2012) . Concentrations of PCE in the blood were about 10-fold higher than TCE (0.138 6 0.023 and 0.013 6 0.002 ng/ml, respectively; mean 6 S.E.). Similarly, in the most recent NHANES data from [2005] [2006] , blood PCE levels were higher than blood TCE levels (0.289 6 0.087 and 0.116 6 0.041 ng/mL, respectively; mean 6 S.E.) (CDC, 2011) .
Recent Human Health Assessments of TCE and PCE
Recently, human cancer and noncancer risks of TCE and PCE were evaluated by the US Environmental Protection Agency (US EPA), the International Agency for Research on Cancer (IARC), the National Toxicology Program (NTP), and the California Environmental Protection Agency via the Office of Environmental Health Hazard Assessment (OEHHA) Air Toxics Hot Spots Program. Results are summarized below and in Tables 1 and 3 .
The cancer hazard of TCE was evaluated by IARC (IARC, 2014) , the US EPA (US EPA, 2011b), and NTP (NTP, 2015) . The conclusion of all three assessments is that there is sufficient evidence that TCE is a human carcinogen, with the kidney being the target tissue. Limited evidence, on the basis of positive associations observed with TCE exposure, was found for non-Hodgkin lymphoma (NHL) and related cancers (including Chronic Lymphocytic Leukemia, Multiple Myeloma, Hairy Cell Leukemia) and liver cancer. Using the risk for renal cell carcinoma in humans, adjusted for the potential risk of NHL and liver cancer associated with TCE exposure, the US EPA established an inhalation unit risk of 2 Â 10 22 per ppm (5 Â 10 22 per mg/kg-day via oral exposure). The US EPA also evaluated the noncancer toxicity associated with TCE exposure (US EPA, 2011b) . In their risk assessment, they identified central nervous system, kidney, liver, immune system, male reproductive system, and developmental toxicity associated with TCE exposure. There was also some evidence of TCE-associated toxicity in the respiratory tract and female reproductive tract. The most sensitive of these organs or systems to noncancer effects of TCE, based on reference concentration in the air (RfC) or reference dose via oral ingestion (RfD), are the kidney, the immune system, and the developing fetus (RfC 5 0.0004 ppm, RfD 5 0.0005 mg/kg-day).
The cancer hazard of PCE has also recently been evaluated by IARC (IARC, 2014) , US EPA (US EPA, 2011a), and OEHHA (http://www.oehha.ca.gov/air/hot_spots/pdf/finalpublicreviewPCE_UR_TSD02162016.pdf). Limited epidemiologic data exist to support an association between PCE exposure and cancer of the bladder. No consistent pattern was observed for cancer of the esophagus, kidney, or cervix, and for NHL. Combined with sufficient evidence of carcinogenicity in experimental animals, PCE was classified by IARC as a probable human carcinogen [Group 2A, (IARC, 2014) ]. Based on rodent liver tumor data, adjusted for interspecies differences in metabolism, the US EPA derived a cancer inhalation unit risk of 1.8 Â 10 23 per ppm (2.1 Â 10
23
per mg/kg-day via oral exposure) (US EPA, 2011a). The OEHHA draft risk assessment of PCE is currently under public review and has proposed an inhalation unit risk factor of 4.1 Â 10 22 per ppm (2.1 Â 10 22 per mg/kg-day via oral exposure) (CalEPA, 2016) . For noncancer toxicity in humans, the US EPA evaluated neurotoxicity as the most sensitive pathway associated with PCE exposure. Specific effects of PCE used in deriving the RfC and RfD were visuospatial deficits, including changes in color vision and reaction time in exposed humans (RfC 5 0.0058 ppm, RfD 5 0.006 mg/kg-day).
Metabolism and Metabolites
A simplified schematic of TCE and PCE metabolism is shown in Fig. 1 . Additionally, Table 2 presents metabolites, their formation in target tissues, and indicates whether they are systemically available.
Absorption and Distribution. As small, lipophilic chemicals, TCE and PCE can readily cross biologic membranes. TCE and PCE are also slightly soluble in human blood, with blood/air partition coefficients ranging from approximately 10 (TCE) to approximately 15 (PCE), as summarized in the recent IARC monograph (IARC, 2014) . As both chemicals have low solubility in water, this partitioning into the blood is mediated by binding to other blood components, such as lipids. Dermal absorption of TCE and PCE vapor and liquid is considered a limited pathway for exposure to either chemical for most individuals (McDougal et al., 1990) . Pulmonary uptake of both chemicals is also rapid, with steady-state levels being attained within a few hours after the start of exposure (IARC, 2014) . Both TCE and PCE rapidly partition into lipid-containing tissue beds upon absorption into the body. This is attributable to their extremely high fat/blood partition coefficients, with the fat/blood partition coefficients ranging from 52-64 for TCE and 125 for PCE, as summarized in the IARC monograph (IARC, 2014).
Oxidative Metabolism. As shown in Fig. 1 , TCE and PCE have qualitatively similar metabolic schemes in rodents and humans (IARC, 2014) . Metabolism of TCE and PCE can result in both intoxication and detoxication. Hepatic cytochrome P450 2E1 (CYP2E1) is proposed to be the main contributor to oxidative metabolism of TCE, although other P450s are also involved Lash et al., 2014) . Oxidative metabolism of PCE has also been attributed primarily to CYP2E1 activity owing to its structural similarity to other CYP2E1 substrates , although this is yet to be confirmed experimentally. Although the liver is the main contributor to oxidation of both TCE and PCE (Table 2) , extrahepatic oxidative metabolism can occur, for instance in the testes and lungs (Forkert et al., 1985; Forkert et al., 2002) . For TCE, the first step in its oxidative metabolism is formation of an unstable intermediate (TCE-O-P450) that can lead to production of N-hydroxy-acetylaminoethanol, chloral/chloral hydrate (CHL/CH), or TCE-epoxide (TCE-O). TCE-O can spontaneously form dichloroacetyl chloride (DCAC) or oxalic acid. DCAC can dechlorinate spontaneously to dichloroacetic acid (DCA). The fate of CHL/CH is either reduction by aldehyde dehydrogenases or P450s to trichloroethanol (TCOH), or oxidation to trichloroacetic acid (TCA). TCA can also be formed from P450-mediated oxidation of TCOH. TCOH exists as both the free alcohol and TCOH-glucuronide. Although some overlap exists in the oxidative metabolism of TCE and PCE, formation of CH/CHL, TCOH (glucuronidated and free), and DCA via this pathway is observed only following TCE toxicity. In PCE-exposed rodents, DCA is formed locally in the kidney as a result of the glutathione (GSH) conjugation pathway ( Fig. 1) .
Conjugative Metabolism. Both liver and kidney have the capacity to conjugate GSH with TCE or PCE (Lash et al., 1998a,b) . For both TCE and PCE, metabolic flux through oxidation has been shown to greatly exceed that through GSH conjugation in experimental animals. The specific glutathione S-transferases (GSTs) involved in hepatic or renal conjugation of GSH to TCE or PCE are unknown. It is suggested that GST polymorphisms could play a role in interindividual variability in susceptibility to TCE-(and likely PCE-) associated toxicity. Polymorphisms in several isoforms of GST from GST-m (GSTM), GST-u (GSTT) , and GST-p (GSTP) families have been implicated in increased susceptibility to TCE toxicity, however inconsistencies exist in the literature (US EPA, 2011b). Di-and trichlorovinyl-L-glutathione (DCVG and TCVG) are thought to be primarily formed in the liver. After leaving the liver, the GSH conjugates are hydrolyzed by g-glutamyltransferase (GGT) and cysteinylglycine dipeptidase on the brush-border membrane of the proximal tubule of the kidney. The cleaved products, di-or trichlorovinyl-Lcysteine (DCVC or TCVC), are formed from DCVG or TCVG, respectively. DCVC and TCVC can then be enzymatically converted to reactive metabolites, via the cysteine conjugate b-lyase (CCBL) or flavin-containing monooxygenases, which are hypothesized to be involved in renal injury associated with exposure to TCE and PCE Lash et al., , 2002 Lash et al., , 2007 . DCVC and TCVC can also be converted to mercapturic acids via N-acetylation and subsequent urinary elimination, which is generally a detoxification pathway; however, a deacetylase can regenerate the cysteine conjugate.
Comparison of Oxidative and Conjugative Pathways. In humans and experimental animals, the total flux of TCE and PCE through oxidative metabolism is thought to considerably exceed that through conjugative metabolism. For TCE, major metabolites are TCOH and TCA; for PCE, TCA is the major metabolite. This is based on human data (Bernauer et al., 1996; Volkel and Dekant, 1998; Lash et al., 1999) and in vivo and in vitro experimental rodent data Bradford et al., 2011; Lash et al., 2014; Yoo et al., 2015a,b) . In both humans and experimental animals, it is evident that exposure to TCE or PCE results in larger urinary levels of oxidative TCE/PCE metabolites compared with mercapturic acids derived from the GSH conjugation pathway. However, as conjugative metabolites of TCE and PCE can form reactive metabolites that may rapidly bind to cellular macromolecules, specifically in the kidney, there is potential to considerably underestimate the flux of TCE or PCE through conjugative metabolism in humans and laboratory rodents (Chiu et al., 2007 Chiu and Ginsberg, 2011) . For this reason, considerable uncertainty exists in estimates of conjugation of TCE (Chiu et al., 2009) or PCE (Chiu and Ginsberg, 2011) , particularly in humans at environmental exposure levels.
Excretion. Exhalation of parent TCE or PCE after exposure is a major route of excretion. For TCE, human physiologically based pharmacokinetic (PBPK)-model estimates predict 60-70% of the dose is cleared via exhaled air (Chiu et al., 2007) in humans. For PCE, human PBPK-model estimates predict 90-99% of the inhaled dose or 81-99% of the ingested dose is excreted into the air (Chiu and Ginsberg, 2011) . The increased absorption of TCE relative to PCE is probably the result of the increased capacity for the liver to oxidize TCE relative to PCE. Additionally, at higher exposures when metabolism becomes saturated, the fraction of excretion via exhalation of the parent compound increases.
Gaps in Data on Metabolic Fate of TCE and PCE. Although the metabolism of TCE and PCE has been widely studied, data gaps still exist in the specific forms of P450s, GSTs, and other enzyme families that contribute to the metabolism of these toxicants. Additionally, although there is evidence that factors such as sex, age, genotype, lifestyle, body composition, and coexposure to other environmental chemicals will modify the toxicokinetics and toxicodynamics of organic solvents such as TCE and PCE (Lof and Johanson, 1998; Pastino et al., 2000; National Research Council, 2009 ), the effect of these factors remain poorly characterized quantitatively. Future work on TCE and PCE could clarify the quantitative contribution of these factors to interindividual variability in toxicokinetics of these chemicals. Table 3 summarizes the target organ carcinogenesis associated with TCE or PCE exposure. These data are derived from previous reports for TCE (Zhu et al., 2008; US EPA, 2011b; Chiu et al., 2013; IARC, 2014; National Toxicology Program, 2015) and PCE (US EPA, 2011a; IARC, 2014; Guyton et al., 2014) .
Cancer
Kidney Cancer. TCE has been classified as a known human carcinogen by the US EPA (US EPA, 2011b), "carcinogenic to humans (Group 1)" by IARC (IARC, 2014) , and "known to be a human carcinogen" by the NTP (National Toxicology Program, 2015) . All three agencies independently used as a basis for their overall hazard classification of TCE the strength of the epidemiologic evidence for kidney cancer and were able to exclude chance, bias, and confounding with reasonable confidence as an explanation for a causal association. The IARC Group 1 classification of TCE was also supported by strong mechanistic evidence.
The epidemiologic data consistently demonstrate an increased risk of kidney cancer associated with exposure to TCE irrespective of the study design (case-control and cohort studies), geographic region in which the study was conducted, or exposure setting. Exposure settings include occupational exposures in the aerospace and screw-cutting industries and exposure to the general population occurs through contaminated air, water, and soil. An increased risk of kidney cancer was reported in all of the studies in which there was a moderate to very high level of estimated TCE exposure (Henschler et al., 1995; Morgan et al., 1998; Vamvakas et al., 1998; Brüning et al., 2003; Raaschou-Nielsen et al., 2003; Zhao et al., 2005; Boice et al., 2006; Charbotel et al., 2006; Radican et al., 2008; Moore et al., 2010; Hansen et al., 2013) , with most risk estimates being statistically significant. Additionally, positive exposureresponse relationships were reported in several case-control (Charbotel et al., 2006; Moore et al., 2010) and cohort studies (Zhao et al., 2005; Raaschou-Nielsen et al., 2003) using different exposure metrics. In Moore et al. (2010) , statistically significant associations between occupational exposure to TCE and renal cell carcinoma were only observed in individuals with an active GSTT1 genotype and certain CCBL1 genotypes. Two metaanalyses (Scott and Jinot, 2011; Karami et al., 2012 ) support the observations from individual studies, reporting an approximately 30% increased risk of kidney cancer associated with TCE exposure as well as a positive exposure-response relationship. The meta-relative risks [1.27 (95% CI, 1.13-1.43) in Scott and Jinot (2011) and 1.32 (95% CI, 1.17-1.50) in Karami et al. (2012) ] were robust with respect to sensitivity analyses, and there was no evidence of publication bias or significant heterogeneity across studies. The consistency of the positive association across study designs, geographic locations and exposure settings, as well as the positive exposure-response relationship and the results of the meta-analyses argue against chance as a possible explanation for the causal association.
Tobacco smoking is unlikely to confound the association between TCE exposure and kidney cancer because: 1) it is a relatively weak risk factor for kidney cancer, 2) the relative risks for lung cancer were not elevated in most cohorts, and 3) a meta-analysis showed no association between TCE exposure and lung cancer (Scott and Jinot, 2011) . Confounding by other lifestyle factors or occupational coexposures (e.g., mineral oils) can also be ruled out because adjustment for these variables had little impact on the risk estimates and they are not known or suspected renal carcinogens. Selection bias could not be ruled out in two of the studies reporting the highest risk estimates (Henschler et al., 1995 , Vamvakas et al., 1998 ; however, these studies do not affect the overall conclusion as they were not included in the meta-analyses.
In experimental animals tumors were observed in multiple tissues of both male and female mice and rats following a twoyear TCE exposure. Renal cell tubular-cell adenomas or adenocarcinomas were reported in male and female rats after chronic exposure to TCE (Maltoni et al., 1988; National Toxicology Program, 1988 .
Similarly, PCE-induced renal cell tubular-cell adenoma or adenocarcinoma was seen in male rats (National Toxicology Program, 1986) . In humans, however, evidence for PCEinduced kidney cancer is inadequate (US EPA, 2011a; IARC, 2014) owing to inconsistencies in the results within and across studies and limitations with study methodology. Generally, the cohort studies did not demonstrate an association, whereas all of the case-control studies of kidney cancer reported a positive association with PCE exposure.
Most of the informative cohorts focused on dry-cleaning and related occupations, where PCE was the primary exposure. The results from the cohort studies were inconsistent: the risk estimates for kidney cancer associated with ever being exposed to PCE were above one in two studies (Anttila et al., 1995; Calvert et al., 2011) , fewer than one in three studies (Boice et al., 1999; Selden and Ahlborg, 2011; Silver et al., 2014) , and equal to one in one study (Blair et al., 2003;  although the relative risk was elevated in workers with medium/high exposure). Increased mortality from kidney cancer was associated with PCE exposure through contaminated drinking water at Camp LeJeune (Bove et al., 2014) . The largest cohort study conducted in four Nordic countries, which linked occupation from censuses to National Cancer Registry data (Vlaanderen et al., 2013) and included 76,130 cases of kidney cancer (1,022 exposed to PCE), showed no association between PCE exposure and kidney cancer.
All of the seven case-control studies of kidney cancer (Asal et al., 1988 , Delahunt et al., 1995 Mandel et al., 1995; Dosemeci et al., 1999 , Pesch et al., 2000 , Karami et al., 2012 , Christensen et al., 2013 reported positive associations with PCE exposure (primarily from work in dry-cleaning), in men, women, or both; however, selection bias and limitations in the exposure assessment were concerns. Only three of these studies reported statistically significant results (Delahunt et al., 1995; Mandel et al., 1995; Pesch et al., 2000) and only one study reported positive monotonic trends (Karami et al., 2012) .
Cancer of the Lympho-Hematopoietic System. A modest increase in the risk of NHL and related B-cell lymphomas (including chronic lymphocytic leukemia, hairy cell leukemia, and multiple myeloma) associated with TCE exposure has been observed in several studies, across study designs and geographic locations. Most studies reported Sufficient defined as "a causal relationship has been established between exposure to the agent and human cancer" (IARC, 2006); Limited defined as "a positive association has been observed between exposure to the agent and cancer for which a causal interpretation is considered to be credible, but chance, bias, or confounding could not be ruled out with reasonable confidence." (IARC, 2006) ; Inadequate defined as "the available studies are of insufficient quality, consistency or statistical power to permit a conclusion regarding the presence or absence of a causal association between exposure and cancer, or no data on cancer in humans are available" (IARC, 2006) ; +, a statistically significant increased incidence of benign or malignant neoplasms was observed in at least one study; N/A, not applicable.
a Tissues shown represent those for which limited or sufficient evidence of human cancer hazard effects associated with TCE or PCE were available, as determined by IARC (IARC, 2014) b Section 6.3 "Overall characterization of TCE Hazard and Dose Response" (US EPA, 2011b) c Renal cell adenoma/carcinoma observed in rats exposed to PCE for two years, however this was only statistically significant when compared with historical controls (NTP, 1986 relative risks above one (Raaschou-Morgan et al., 1998; Persson and Fredrikson, 1999; Raaschou-Nielsen et al., 2003; Radican et al., 2008; Wang et al., 2009; Lipworth et al., 2011; Christensen et al., 2013; Cocco et al., 2013; Hansen et al., 2013) . However, no association was found in some studies, which could be attributed to methodological limitations in the design or analysis or low prevalence of TCE exposure [Boice et al., 2006 (based on 1 case); Bahr et al., 2011; Vlaanderen et al., 2013; Bove et al., 2014; Silver et al., 2014] . Although the results for NHL are less consistent than for kidney cancer, it should be noted that interpretation of the published literature is complicated by the change over time in the classification and coding systems of NHL and its related subtypes (American Cancer Society, 2016) .
The pooled analysis of case-control studies from the large International Lymphoma Epidemiology Consortium (Cocco et al., 2013) provided the strongest evidence of an association: the odds ratio for high probability of TCE exposure was 1.4 (95% CI 0.9-2.1) and there was a positive exposure-response relationship (P value for trend 5 0.009). Two recent metaanalyses (Scott and Jinot, 2011; Karami et al., 2012) , neither of which included the most recent publications discussed above Vlaanderen et al., 2013; Bove et al., 2014; Silver et al., 2014) , also reported statistically significant increased risks for NHL associated with TCE exposure. The meta-relative risk estimates of 1.23 (95% CI 1.07-1.42) (Scott and Jinot, 2011 ) and 1.32 (95% CI 1.14-1.54) (Karami et al., 2012) were relatively robust compared to various sensitivity analyses, although there was a small amount of heterogeneity between studies and some evidence of publication bias. Potential confounding by occupational coexposures and other factors could not be ruled out with reasonable confidence but would probably not explain the association given that none of the documented coexposures have been identified as risk factors for NHL (e.g., organic solvents) and because a significant exposure-response was observed in the International Lymphoma Epidemiology Consortium study, in which there was no evidence that other potential coexposures were highly correlated with TCE exposure.
Reports of PCE-associated cancer of the lympho-hematopoietic system, particularly NHL, were inconsistent (IARC, 2014) from several cohort and case-control studies. In rodent studies, mononuclear cell leukemia in male and female rats increased following chronic exposure to PCE (National Toxicology Program, 1986; Japanese Industrial Safety Association, 1993) .
Liver Cancer. Several cohort studies and one case-control study (Christensen et al., 2013) have assessed the association between TCE exposure and liver cancer, with a relative risk above one being reported in several studies (Morgan et al., 1998; Raaschou-Nielsen et al., 2003; Boice et al., 2006; Radican et al., 2008; Christensen et al., 2013; Hansen et al., 2013) and a meta-analysis (Scott and Jinot, 2011) . However, the evidence was limited, as some studies were underpowered to detect an effect, because liver cancer is a rare outcome or because the prevalence of TCE exposure was low, failed to adjust for potential confounders (e.g., alcohol consumption), did not establish an exposure-response relationship, or nondifferential exposure misclassification was a concern (which would bias risk estimates toward the null) (IARC, 2014) .
For PCE, the epidemiologic evidence was sparse and the data were considered to be inadequate (IARC, 2014) . Six cohort studies (Bond et al., 1990; Blair et al., 2003; Calvert et al., 2011; Selden and Ahlborg, 2011; Vlaanderen et al., 2013; Silver et al., 2014) and two case-control studies reported on this association (Suarez et al., 1989; Christensen et al., 2013) , but the findings were inconsistent.
In rodents, hepatocellular carcinoma and/or adenoma (HCC/HCA) have been observed in both sexes of mice following exposure to TCE (National Toxicology Program, 1976 Maltoni et al., 1988) or PCE (National Toxicology Program, 1977 , 1986 Japanese Industrial Safety Association, 1993) . Males are generally the more sensitive sex to liver carcinogenicity induced by TCE or PCE.
Bladder Cancer. The bladder has been identified as a potential target tissue for PCE-induced carcinogenesis in several cohort and case-control studies conducted in different geographic locations, most of which adequately controlled for confounding by tobacco smoking. However, the evidence was judged as limited because of the relatively crude exposure assessment (employment as a dry-cleaner was the only indicator of PCE exposure in most studies), the small number of exposed cases, and the lack of an exposure-response relationship (IARC, 2014) . Similar conclusions were drawn by the US EPA (US EPA, 2011a). A meta-analysis also demonstrated an increased risk of bladder cancer among dry-cleaners overall (meta-relative risk, 1.47; 95% CI, 1.16-1.85) and also when restricted to studies that adjusted for smoking (meta-relative risk, 1.50; 95% CI, 0.80-2.84) (Vlaanderen et al., 2014) . Although dry-cleaners incur mixed exposures, PCE could be responsible for the excess bladder cancer risk because it is the primary solvent used and the only chemical commonly used by dry-cleaners that is currently identified as a possible bladder carcinogen. No evidence for urinary bladder carcinogenesis was observed in studies in experimental animals for PCE (or TCE), and there is currently no mechanistic evidence to provide biologic plausibility in support of a hypothesis of PCE-associated bladder cancer.
Other Cancer Sites. In female rats, chronic PCE exposure induced mammary gland fibroadenomas only in the lowest dose group (Japanese Industrial Safety Association, 1993). Testicular interstitial cell tumors were observed in male rats following TCE (Maltoni et al., 1988; National Toxicology Program, 1988) or PCE (National Toxicology Program, 1986) exposure. PCE also induced brain gliomas in male rats (National Toxicology Program, 1986) . In mice, bronchiolar adenomas were induced by TCE (Fukuda et al., 1983; Maltoni et al., 1988) .
Noncancer Toxicity
As with the cancer response, a great degree of chemical, tissue, species, and sex specificity exists in the noncancer responses to TCE and PCE exposure, which are summarized in Table 4 . Exposure to TCE or PCE is associated with noncancer toxicity in various target organs (US EPA, 2011a,b; IARC, 2014) .
Kidney Noncancer Toxicity. Several studies have examined the effect of TCE exposure on risk of noncancer renal injury in humans, as determined by nonspecific urinary protein markers (e.g., a1-microglobulin, albumin, N-acetylb-D-glucosaminidase, GST-a, etc.) (Rasmussen et al., 1993b; Brüning et al., 1999a,b; Bolt et al., 2004; Green et al., 2004; National Research Council, 2006) . In a recent study conducted in metal degreasing factories in the Guangdong Province of China, occupational exposure to a concentration of TCE (22 6 35 ppm; mean 6 SD) over a mean of 2 years was associated with an increase in urinary excretion of the proximal tubule-specific marker kidney injury molecule-1 (KIM-1) . However, no association was observed between TCE exposure and urinary levels of N-acetyl-b-D-glucosaminidase or vascular endothelial growth factor. Epidemiologic evidence suggests that PCE is a human nephrotoxicant, based on findings including decreased kidney function (Hake and Stewart, 1977; Franchini et al., 1983; Vyskocil et al., 1990; Solet and Robins, 1991; Mutti et al., 1992; Verplanke et al., 1999; Trevisan et al., 2000) and end-stage renal disease (Calvert et al., 2011) . Laboratory studies using rodents found that both mice and rats of both sexes are susceptible to renal injury following TCE or PCE exposure (US EPA, 2011a,b; IARC, 2014) . In vitro evidence suggests that male rats are more sensitive to TCEassociated renal injury than female rats and mice of both sexes , and PCE is relatively more toxic compared with TCE (Lash et al., 2007) . The species-and sex-specificity of injury observed in vitro are in concordance with chronic in vivo studies, wherein the degree of renal cytomegaly following a 2-year exposure to TCE was greater in male rats compared with female rats and male and female mice (National Toxicology Program, 1990) . PCE-associated chronic nephropathy, including karyomegaly, occurs in rats (National Toxicology Program, 1977 , 1986 ) of both sexes after chronic exposure. Renal injury associated with TCE or PCE exposure is probably mediated through GSH5conjugative metabolites (i.e., DCVG/TCVG and DCVC/TCVC) Lash et al., 2014; Rusyn et al., 2014) .
Liver Noncancer Toxicity. There is some epidemiologic evidence for TCE-and PCE-associated noncancer hepatotoxicity (EPA, 2011a,b; Guyton et al., 2014) . In most studies of TCE, liver dysfunction was monitored by serum liver enzyme levels and/or serum bile acid levels (Driscoll et al., 1992; Nagaya et al., 1993; Rasmussen et al., 1993b; Neghab et al., 1997; Davis et al., 2005; Kamijima et al., 2007; Xu et al., 2009) . Hypersensitivity reactions to TCE that involve the skin (toxic epidermal necrolysis) and other organs, including the liver (jaundice, hepatomegaly, hepatosplenomegaly, hepatitis) have been reported (Kamijima et al., 2007; Kamijima et al., 2008) . For PCE, hepatomegaly, hepatocellular damage, and hepatobiliary impairment have been observed in humans after exposure (Coler and Rossmiller, 1953; Meckler and Phelps, 1966; Saland, 1967; Bagnell and Ellenberger, 1977; Hake and Stewart, 1977; Lauwerys et al., 1983; Cai et al., 1991; Gennari et al., 1992; Brodkin et al., 1995) . Experimental evidence supports characterization of TCE and PCE as hepatotoxicants to rats and mice, with mice being the more sensitive species. On the basis of the epidemiologic evidence, there is similar evidence that humans can experience hepatotoxicity following exposure to TCE or PCE. Humans are expected to be less sensitive than rodents to hepatic effects of PCE owing to interspecies differences in hepatic oxidative metabolism (Chiu and Ginsberg, 2011) . In contrast, interspecies differences in TCE hepatotoxicity are expected to be small because oxidative metabolism is hepatic blood-flow-limited (Chiu et al., 2009) .
Noncancer Neurotoxicity. In humans, changes in trigeminal nerve function or morphology (Triebig et al., 1982 (Triebig et al., , 1983 Ruijten et al., 1991; Feldman et al., 1992; Kilburn and Warshaw, 1992; Rasmussen et al., 1993a; Kilburn, 2002; Mhiri et al., 2004) and vestibular dysfunction (Rasmussen et al., 1993c; Gist, 1995, 1999) have been identified as neurotoxic phenotypes associated with TCE exposure. For PCE, neurotoxicity is the most sensitive outcome of exposure in humans, where toxicity is observed even at low-exposure concentrations. For instance, perturbations in visual contrast sensitivity have been observed with chronic exposure to as little as 0.3 ppm PCE (Schreiber et al., 2002; New York State Department of Health, 2010) , whereas effects in other organs (e.g., liver or kidney) are not observed until airborne concentrations of PCE are at least two to three orders-of-magnitude higher (US EPA, 2011a). A very recent study reported an increased risk of epilepsy in humans exposed to PCE through contaminated public water supplies during gestation or early childhood (Aschengrau et al., 2015) . In addition to the epidemiologic evidence, there are many well-documented neurotoxic effects of both PCE and TCE in experimental animals. These studies range from the effects of these chemicals on narcosis, motor activity, neurotransmitter levels, and other neurochemical and neurotoxicological examinations (EPA, 2011a,b) .
Developmental Cardiotoxicity. Developmental cardiotoxicity has been associated with TCE exposure in humans and consists of congenital cardiac malformations. However, most of the epidemiologic data come from studies with relatively small numbers of cases, thus complicating interpretation of any individual study (US EPA, 2011b) . Nonetheless, as noted by the National Research Council (National Research Council, 2006) , the compilation of studies report that "…the effect size of a 2-to 3-fold increase in risk is similar across multiple studies." In particular, one study (and its follow up study) examining birth defects in Endicott, New York, from the years 1983-2000 reported an increased incidence of developmental cardiac defects in TCE-exposed humans (http://www.atsdr.cdc.gov/HAC/pha//endicottareainvestigation/ endicottHealthStatsReviewHC052606.pdf; http://www/atsdr.cdc. gov/hac/pha//endicottareainvestigationfollowup/endicottareahc051508. pdf; Forand et al., 2012) . A more recent analysis of the same region of New York State found that maternal residence in an area contaminated with TCE or PCE was associated with cardiac birth effects, but these effects were only significant for the TCE-exposed group (Forand et al., 2012) . In contrast, a study in Texas found weak to no evidence of an association between TCE or PCE exposure and developmental cardiotoxicity (Brender et al., 2014) . There is evidence of TCE-induced cardiotoxicity in experimental animals, particularly avian in vivo (Elovaara et al., 1979; Bross et al., 1983; Drake et al., 2006a,b; Rufer et al., 2010) and in vitro studies (embryonic chick atrioventricular canal cushion cells) (Boyer et al., 2000) , whereas the few rodent studies are inconsistent (US EPA, 2011b) .
Noncancer Toxicity of the Lympho-Hematopoietic System. Epidemiologic data support the association of TCE exposure with an increased risk of autoimmune disease, and suggest TCE causes a generalized hypersensitivity syndrome, as reviewed in Cooper et al. (2009) . Specifically, two reports (Kamijima et al., 2007 (Kamijima et al., , 2008 ) document a high prevalence of severe hypersensitivity skin disorders. Most cases were in the Guangdong Province of China, where workers were occupationally exposed to TCE in factories in which metal degreasing occurred. In some cases, this severe skin disorder was complicated by hepatitis. A number of studies in occupationally exposed workers in China also reported clinical signs of immunosuppression (Lan et al., 2010; Hosgood et al., 2012; Bassig et al., 2013) . The epidemiologic evidence is more sparse for an association of exposure to PCE and an augmented Th2 responsiveness (Andrys et al., 1997; Emara et al., 2010) . However, it has been shown in one human study that red blood cell and hemoglobin counts are decreased after exposure to PCE (Emara et al., 2010) .
A number of studies in experimental rodents have found associations between TCE exposure and immunosuppression, hypersensitivity, and autoimmunity in a species-, dose-, age-, and route-of-administration-dependent fashion (US EPA, at ASPET Journals on October 18, 2017 jpet.aspetjournals.org Downloaded from 2011b). For example, developmental immunotoxicity (Gilbert et al., 2014b) and autoimmune hepatitis (Gilbert et al., 2014a) have been observed in a mouse strain prone to autoimmune disorders (MRL 1/1 ) after TCE exposure. Compared with TCE, less experimental evidence is available on the noncancer effects of PCE on the lympho-hematopoietic system.
Mechanisms of Toxicity
The mechanisms of action for cancer and noncancer toxicity associated with TCE or PCE exposure are dependent on multiple factors, including tissue and species. Considerable evidence supports the fact that oxidative and conjugative metabolites of TCE and PCE are involved in both genotoxic and nongenotoxic mechanisms of toxicity.
Genotoxicity. Epidemiologic evidence for chromosomal aberrations, sister chromatid exchange, and von HippelLindau (VHL) gene mutations associated with TCE exposure in humans does not provide conclusive evidence of TCEassociated genotoxicity in humans (IARC, 2014) . In in vivo experimental animal models, a low level of covalent binding with DNA from rat and mouse tissues (liver, kidney, lung, and stomach) has been observed (Mazzullo et al., 1992) . TCE has shown little or weak genotoxicity in in vitro model systems devoid of metabolic capacity. Upon addition of human or rodent microsomes and appropriate cofactors, covalent binding of radiolabeled 14 C-TCE (via TCE-epoxide) to both protein and DNA is enhanced (Miller and Guengerich, 1983; Cai and Guengerich, 2001) . Aside from binding assays, a number of in vitro, ex vivo, and in vivo assays using nonmammalian (namely bacteria, fungi, and yeast) and rodent models have evaluated the mutagenic and cytogenetic effects, and effects of TCE on other types of DNA damage (e.g., unscheduled DNA synthesis) (US EPA, 2011b; IARC, 2014) . Collectively, the evidence to suggest that unmetabolized TCE or its oxidative pathway metabolites are genotoxic is weak. An important exception is CH, for which there is strong evidence of genotoxicity. CH can induce mutations, chromosomal aberrations, and micronuclei, both in vivo and in vitro, in mammalian and other test systems (IARC, 2014) . A significant increase in micronuclei was observed in peripheral blood lymphocytes in infants administered chloral hydrate orally as a sedative (Ikbal et al., 2004) .
No statistically significant effects of PCE exposure on chromosomal aberrations or sister chromatid exchange were detected in the few relatively small cross-sectional studies evaluated (Ikeda et al., 1980; Seiji et al., 1990; Tucker et al., 2011) . Experimental evidence suggests that both mouse and rat liver and kidney are sensitive to the binding of [ 14 C] PCE to DNA. Similar to findings with TCE, PCE only showed evidence of in vitro DNA binding when metabolism occurred through either oxidation and/or GSH conjugation. PCE did increase the frequency of micronucleus formation in human lymphoblastoid cells (Doherty et al., 1996; White et al., 2001) , although no sister chromatid exchange was observed in human blood cells at subcytotoxic and cytotoxic doses (Hartmann and Speit, 1995) . In mutagenesis assays (Ames) using bacteria (Salmonella typhimurium), PCE caused mutations when rat liver GST, kidney microsomes, and GSH were added to the culture to mimic the in vivo conjugation of TCE with GSH via hepatic GST and subsequent generation of reactive metabolites via renal GGT and CCBL (Vamvakas et al., 1989a) . Thus, as with TCE, the parent compound PCE exhibits minimal (if any) genotoxic potential.
Certain metabolites of TCE and PCE may be genotoxic. As noted above, oxidative metabolism of TCE does not lead to genotoxicity. Specifically, TCA does not exhibit significant genotoxic potential in vitro or in vivo. The evidence for DCAassociated genotoxicity is weak to moderate, on the basis of both in vitro and in vivo experimental evidence. The few available experimental data for the genotoxic potential of TCOH preclude its classification as genotoxic or nongenotoxic.
On the other hand, DCVG and TCVG are both positive for genotoxicity, as assessed by induction of unscheduled DNA synthesis (Vamvakas et al., 1989b) and mutagenicity in the Ames assay (S. typhimurium) (Vamvakas et al., 1988c) when the culture medium is supplemented with GSH and kidney, but not liver, subcellular fractions. These data suggest that renal metabolism (via GGT and CCBL) of TCE or PCE has the potential to generate genotoxic metabolites. DCVC (Dekant et al., 1986; Vamvakas et al., 1988a) and TCVC (Dekant et al., 1986; Dreessen et al., 2003) both yield positive results in the Ames assay. Genotoxicity is enhanced with addition of kidney subcellular fractions and diminished by chemical inhibition of CCBL activity. DCVC has been reported to induce DNA strand breaks in rabbits in vivo and ex vivo (Jaffe et al., 1985) and unscheduled DNA synthesis in Syrian hamster embryo fibroblasts (Vamvakas et al., 1988b) , increase transformation in isolated primary rat (Eker) kidney epithelial cells (Mally et al., 2006) , and increase DNA strand breaks in proximal tubules of the kidney in rats (Clay, 2008) . TCVC exposure resulted in a dose-dependent increase in unscheduled DNA synthesis in porcine kidney cells, an effect that was abolished by inhibiting CCBL activity (Vamvakas et al., 1989b) . Taken together, these data suggest that DCVC and TCVC both have significant genotoxic potential and that the genotoxicity is probably mediated by reactive metabolites generated via the CCBL. NAcDCVC and NAcTCVC are both positive for mutagenic potential (Ames assay) without exogenous activation; kidney cytoplasm enhanced the genotoxic effect of either chemical, whereas inhibition of CCBL activity diminished the effect (Vamvakas et al., 1987) .
Kidney Nongenotoxic Mechanisms of Toxicity. Accumulation of alpha2u-globulin is a distinct histopathological finding specific to the male rat following chronic exposure to many xenobiotics. Chemicals hypothesized to produce kidney tumors in male rats through alpha2u-globulin accumulation are not thought to be a cancer hazard to humans. Experimental evidence does not suggest that TCE or PCE act solely through this proposed mechanism, although in some studies accumulation of alpha2u-globulin was observed (IARC, 2014) .
Substantial evidence exists for TCE-and PCE-induced renal toxicity in humans and experimental animals (see above). Most of the experimental evidence suggests that the renal noncancer toxicity observed in humans and rodents is mediated by cytotoxicity followed by sustained chronic nephrotoxicity without accumulation of alpha2u-globulin in the kidney.
Activation of peroxisome proliferator-activated receptor alpha (PPARa) in renal tissue has been observed following TCE (Goldsworthy and Popp, 1987; Yoo et al., 2015b,c) and PCE (Goldsworthy and Popp, 1987; Odum et al., 1988) exposure. However, the evidence in support of a PPARadependent mechanism of toxicity for both TCE-and PCE-associated kidney injury (cancer or noncancer) is considered relatively weak (EPA, 2011a,b; IARC, 2014) .
Liver Nongenotoxic Mechanisms of Toxicity. Exposure to TCE or PCE is associated with hepatotoxicity and oxidative stress in humans and animals (EPA, 2011a,b; IARC, 2014) . Hepatotoxicity is usually assessed by elevated serum liver enzyme levels such as alanine transaminase, which has been observed in humans occupationally exposed to TCE or PCE. However, the epidemiologic evidence is not consistent concerning the noncancer hepatotoxicity of either solvent. In experimental animals, both TCE and PCE have also been shown to elicit hepatotoxicity, typically at doses at or exceeding 100 mg/kg (e.g., Buben and O'Flaherty, 1985; Philip et al., 2007; Yoo et al., 2015a) . In addition to elevation of serum liver enzymes, hyperbilirubinemia, cholestatic liver injury, oxidative damage to DNA and cell membranes, changes in lipid metabolism, lipid accumulation (steatosis), and hepatomegaly have all been reported in rodents exposed to TCE or PCE (EPA, 2011a,b; IARC, 2014) .
Cell proliferation, apoptosis, and clonal expansion is another potential mechanism of TCE-or PCE-associated hepatotoxicity. All of the evidence is derived from experimental studies in rodents. Cell proliferation has been observed in the livers of rodents exposed to TCE or PCE. In most cases, this was determined by immunohistochemical staining for proliferating cell nuclear antigen-, K i -67 antigen-, or 5-bromo-2-deoxyuridine-positive cells (EPA, 2011a,b; IARC, 2014) . There are conflicting reports of increased apoptosis in the liver after TCE exposure in rodents (Dees and Travis, 1993; Channel et al., 1998; Sano et al., 2009) , and there is no experimental evidence for PCE-associated apoptosis in the liver, or TCE-or PCE-associated clonal expansion of hepatocytes.
The contribution of PPARa activation to hepatocellular carcinomas and/or adenomas in the mouse after chronic exposure to TCE and PCE has been postulated (Corton, 2008) . TCE and PCE induce PPARa in rodent studies, likely through formation of TCA and DCA (Bull, 2000; Corton, 2008; Maloney and Waxman, 1999) . One study reported that PCE induces PPARa after acute and subacute (less than 14 days) exposure but not after 30 days of exposure (Philip et al., 2007) ; however, the overall database on the role of PPARa in the effects of PCE is limited. Studies of mice deficient in PPARa have shown that they are more sensitive to TCE-induced hepatosteatosis (Ramdhan et al., 2010) and have lower levels of TCA in their urine (Ramdhan et al., 2010) and in serum, liver, and kidney (Yoo et al., 2015c ) compared with wild-type mice.
Epigenetic effects are recognized for their potential influence on carcinogenesis of environmental chemicals. No epidemiologic or experimental evidence is available for TCE-or PCE-induced epigenetic effects in the liver after exposure to either parent chemical. However, in the mouse, TCA or DCA administered via drinking water can lead to DNA hypomethylation in liver tumor tissue in N-nitroso-N-methylureainitiated hepatocellular adenomas/carcinomas (Tao et al., 1998 (Tao et al., , 2000 (Tao et al., , 2004 . This epigenetic effect was reversed upon cessation of DCA, but not TCA, administration (Tao et al., 1998) .
Other Organs/Systems. Little to no evidence is available in support of nongenotoxic (or genotoxic) mechanisms of toxicity for TCE or PCE in tissues other than liver and kidney. For central nervous system toxicity, it is known that PCE, TCE, and other volatile, lipophilic solvents can change brain neurochemistry and result in neurotoxicity, although the mechanisms of toxicity are unclear (EPA, 2011a,b) .
Perspectives and Conclusions
TCE and PCE remain environmental toxicants of utmost public health concern owing to widespread exposure across the population and their high-production volume, persistence in the environment, and potential for causing severe adverse health effects. Although the toxic responses to TCE and PCE have been widely studied, significant gaps in our knowledge still exist.
Interindividual Variability. Interindividual variability in susceptibility to environmental toxicants complicates human health assessments. Very few data are available on interindividual variability in response to TCE or PCE. For both these chemicals, understanding population-level variability in toxicokinetics and toxicodynamics (and the relationship between the two) is critical to understanding and predicting risk. Several computational studies using population PBPK models have examined TCE or PCE toxicokinetic variability by combining data from historical human controlled exposure studies (Chiu and Bois 2006; Chiu et al., 2009) . A more recent experimental study used a multistrain panel of inbred mice to examine interindividual variability in susceptibility to TCE-associated toxicity (Bradford et al., 2011) . This study examined oxidative and conjugative metabolism and the transcriptomic response of the livers of 14 inbred strains of mice to a single high dose of TCE. The authors reported substantial interindividual variability in levels of TCA, DCA, DCVG, and DCVC in the serum of mice. Interestingly, in the context of strain, serum levels of TCA were significantly correlated with induction of the PPARa pathway. Furthermore, this study, and others (Harrill et al., 2009) , reported that the genetic background was the strongest determinant of hepatic gene expression, having a greater effect than the toxicant examined.
As genetic background can greatly influence xenobiotic metabolism and susceptibility to the toxic response to chemical exposure, it is important to consider this variability within the population. Accordingly, toxicokinetic data from population-based studies in rodents can be used as a surrogate for predicting variability within the human population. This approach has recently been demonstrated for TCE in a population PBPK modeling-based analysis using data derived from (Bradford et al., 2011 ). Future population-based studies examining the contribution of factors other than genetics-including underlying disease-are also warranted, and could similarly be used to better clarify key sources of variability.
Comparative and Coexposure Studies. The literature on the comparative toxicity of chlorinated solvents is relatively sparse. Almost all such studies have relied on insensitive measures of toxicity [e.g., lethal dose, 50% (LD 50 ) values, serum liver enzyme levels, urinary proteins, etc.]. Further, existing studies have not performed multiple-comparison statistical tests between vehicle-, TCE-, and PCE-exposed groups. Therefore, it is hoped that this review will encourage future work on directly comparing the adverse health effects of TCE and PCE by rigorous evaluation of sensitive biomolecular data.
Similarities and Differences in Toxicity of TCE and PCE Conclusions. After decades of toxicological research on TCE and PCE, our knowledge remains incomplete concerning how these chemicals induce toxicity. Toxic effects in experimental systems are not fully characterized, and the human relevance of these effects is poorly understood. In the kidney, GSH-mediated conjugative pathways can yield genotoxic metabolites, as is supported by epidemiologic evidence on TCE (Moore et al., 2010) . In other tissues, the role of target organ metabolism in ultimate adverse response is unclear. Clarification of the specific isozymes or enzymes responsible for TCE and PCE metabolism will provide useful mechanistic information for extrapolation of data derived from rodent studies to human health assessments. Although TCE is a widely studied chemical, considerably less experimental and epidemiologic evidence is available for PCE, one of the most widely used chlorinated solvents. Few studies have directly compared toxic responses to the two chemicals. Furthermore, although cocontamination of and coexposure to TCE and PCE are common, relatively few studies have evaluated the effects of coexposure to these chemicals. Finally, although data are available on the effect of genetic background on toxicokinetics and toxicodynamics of TCE, other potential contributors to interindividual variability, such as lifestyle factors, which may lead to underlying disease, have not yet been experimentally evaluated. Future studies are warranted to narrow the knowledge gaps addressed above to better inform risk management decisions for TCE and PCE.
